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Abstract The effect of increased nutrient loads on

biogeochemical processes in macrotidal, mangrove-

lined creeks was studied in tropical Darwin Harbour,

Australia. This study uses an integrative approach

involving multiple benthic and pelagic processes as

measures of ecosystem function, and provides a

comparison of these processes in three tidal creeks

receiving different loads of treated sewage effluent.

There were significant differences in process rates

between Buffalo Creek (BC) (hypereutrophic), which

receives the largest sewage loads; Myrmidon Creek

(MC) (oligotrophic–mesotrophic) which receives

smaller sewage inputs; and Reference Creek (RC)

(oligotrophic) which is comparatively pristine.

Benthic nutrient fluxes and denitrification were more

than an order of magnitude higher and lower,

respectively, in BC and denitrification efficiency

(DE) was \10%. Pelagic primary production rates

were also much higher in BC but respiration exceeded

primary production resulting in severe drawdown of

O2 concentrations at night. Hypoxic conditions

released oxide-bound phosphorus and inhibited cou-

pled nitrification–denitrification, enhancing benthic

nitrogen and phosphorus fluxes, leading to a build-up

of excess nutrients in the water column. Poor water

quality in BC was exacerbated by limited tidal

flushing imposed by a narrow meandering channel

and sandbar across the mouth. In contrast to BC, the

effect of the sewage load in MC was confined to the

water column, and the impact was temporary and

highly localized. This is attributed to the effective

flushing of the sewage plume with each tidal cycle.

Denitrification rates in MC and RC were high (up to

6.83 mmol N m-2 day-1) and DE was approximately

90%. This study has identified denitrification, benthic

nutrient fluxes and pelagic primary production as the

biogeochemical processes most affected by nutrient

loading in these tidal creek systems. Physical process

play a key role and the combined influence of nutrient

loading and poor tidal flushing can have serious

consequences for ecosystem functioning.
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Introduction

Estuaries are complex, open systems that often

experience large inputs of organic matter and inor-

ganic nutrients from land. Biogeochemical processes

subsequently determine the extent of nutrient trans-

formations, retention and export to the ocean. Trop-

ical estuaries are among the most biogeochemically

active regions in the biosphere, but the processes are

complex due to factors such as highly variable

hydrodynamics, particularly in macrotidal systems

(e.g. Wolanski et al. 1980), large organic matter

inputs from fringing mangroves (e.g. Dittmar et al.

2006), large monsoonal freshwater inputs (e.g. Sarma

et al. 2009), as well as heavy bioturbation in intertidal

sediments (e.g. Pratihary et al. 2009).

Changes to the structure and function of estuar-

ies due to increased anthropogenic nutrient loadings

arising from such diverse sources as urban and rural

run-off, sewage discharges and aquaculture are well

known (Nixon 1995; Herbert 1999; Cloern 2001;

Clarke et al. 2006). The increased input of nutrients

to shallow marine environments, including estuar-

ies, and the accompanying stimulation of primary

production enhance organic matter supply to sedi-

ments, increasing benthic metabolism and resulting

in greater nutrient release and rates of oxygen

consumption (Richardson and Jørgensen 1996;

Herbert 1999; Cloern 2001). Hypoxia is a common

effect of nutrient loading in coastal marine ecosys-

tems and the effects are most severe in areas such

as shallow embayments or where tidal flushing is

limited (Herbert 1999; Diaz and Rosenberg 2008).

Hypoxia influences biogeochemical processes that

control nutrient concentrations in the water column

(Conley et al. 2009) and can lead to dead zones

which have serious consequences for ecosystem

structure and functioning (Diaz and Rosenberg

2008). Thus, increased nutrient loads can have

important consequences for the structure of estua-

rine communities, aquatic food webs and estuarine

water quality.

Nutrient loading is considered to be the most

widespread problem in estuaries around the world

and is likely to increase in the future (Howarth et al.

2002). The impact is expected to be greater in the

tropics than at higher latitudes (Downing et al. 1999)

and on a global scale, tropical regions such as

southeast Asia are particularly vulnerable in terms of

ecosystem alteration due to anthropogenic nutrient

loading (Mackenzie et al. 2002; Jennerjahn et al.

2004; Halpern et al. 2008). The effects of altered

nutrient cycling in tropical ecosystems can be under-

stood most easily in the context of nutrient dynamics

in undisturbed or minimally disturbed tropical eco-

systems, however, nutrient processing in tropical

estuaries, in general, is poorly studied relative to

temperate environments (Downing et al. 1999; Bian-

chi 2007) and there are even fewer studies comparing

biogeochemical cycles in disturbed and undisturbed

tropical systems (Trott et al. 2004; Kristensen et al.

2008). Additionally, these studies are often limited in

the suite of processes measured, with much of the

information available tending to be focused on

individual processes (Boynton et al. 2008). This

study uses an integrative approach involving multiple

benthic and pelagic processes as measures of eco-

system function, and provides a comparison of these

processes across a gradient of nutrient loads in a

tropical estuary. This study also provides the first

reported measurements of denitrification in Darwin

Harbour.

The aim of this study was to determine the effect

of increased nutrient loads on multiple biogeochem-

ical processes within tropical tidal creeks in Darwin

Harbour and to identify which processes are most

effective in determining eutrophication impacts in

tidal creeks. Darwin Harbour is an N-limited system

and is subject to anthropogenic nutrient inputs from

urban and rural-runoff, as well as treated sewage

effluent. Impacts on water quality in Darwin Har-

bour as a result of seasonal and point source nutrient

inputs have been reported previously (e.g. McKin-

non et al. 2006; Burford et al. 2008) and fish kills

have occurred in tidal creeks receiving sewage

effluent. There is potential for more severe impacts

on water quality and overall ecological health in the

future due to increasing population and land devel-

opment. Indeed, Darwin has the most rapid popu-

lation growth in Australia. Considering the rapid

changes occurring in tropical estuaries as a result of

nutrient enrichment associated with point and non-

point sources, understanding the functioning of these

systems and their interactions is important to be able

to correctly assess the health of estuaries (Bouillon

and Connolly 2009).

360 Biogeochemistry (2012) 108:359–380

123



Materials and methods

Study area

The study was performed in three tidal creeks in

Darwin Harbour in northern Australia (Fig. 1). Dar-

win Harbour is a large macrotidal estuary with a

maximum tidal range of 7.8 m. The harbour is

fringed by dense mangroves and during low tide,

extensive intertidal mudflats are exposed (Fig. 1).

The region is influenced by a tropical monsoonal

climate characterized by high year-round tempera-

tures and a highly seasonal rainfall pattern, with over

1,300 mm falling during the monsoon season

(December–March). River flow into the harbour is

also highly seasonal with maximum flow between

January and March and a cessation in flow between

May and July. Although the harbour experiences a

distinct wet season, the catchment is relatively small

and wet season runoff has relatively little impact over

the whole harbour. Most of the freshwater runoff

occurs in the form of a few discrete flood events

during which the upper reaches of the harbour may

become fully fresh. However, there is no marked

river plume exiting the harbour and salinity remains

almost constant at the mouth of the harbour through-

out the year, implying that freshwater runoff is

strongly diluted by the time it reaches the mouth

(Williams et al. 2006).

The majority of nutrients that enter the harbour are

imported from the ocean and are typically in the

particulate or organic form (Burford et al. 2008).

Nutrients also enter the harbour from the surrounding

catchment and include both diffuse sources, such as

urban and rural runoff, and point sources such as

treated sewage effluent which is discharged into both

the main body of the harbour and several tidal creeks

on the fringes. Overall, the harbour is considered

relatively pristine (McKinnon et al. 2006).

Field stations and sampling

Sediment and water column sampling was carried

out at two sites in three tidal creeks; an unnamed

creek (herein referred to as Reference Creek, RC)

and Myrmidon Creek (MC) in East Arm of Darwin

Harbour, and Buffalo Creek (BC) in Shoal Bay

(Fig. 1). RC and MC have similar geomorphology

with predominantly straight channels, widening

downstream (Fig. 1a, b). At low tide, intertidal

mudflats, several metres wide, are exposed along the

length of the creeks. The upper reaches of the creeks

may be fully drained at low tide, however the creeks

contain water at all times. BC consists of a long,

narrow channel with large meander bends at the

downstream end (Fig. 1c). Upstream the channel

becomes even narrower and meanders through

dense, overhanging mangroves. Intertidal mudflats

occur on the meander bends and along sections of

the main channel. A large intertidal sand bar across

the mouth inhibits tidal movement to a significant

degree.

Reference Creek is considered to be near-pristine

with no known impact from urbanization or land

development (Woodroffe et al. 1988). MC and BC

receive sewage effluent from sewage treatment plants

(STP) which use waste stabilization ponds to remove

organic matter and nutrients. MC receives 69 t

TN year-1 and 18 t TP year-1 and the treated sew-

age effluent is discharged into the mangroves close to

site MC1 (Fig. 1b). BC receives 79 t TN year-1 and

43 t TP year-1 and the treated sewage effluent is

discharged into dense mangroves at the upstream end

of the creek (Fig. 1c). While the sewage loads

entering BC and MC are similar, the dimensions

and hence water volume are much lower in BC than

in MC. The sewage discharge is gravity-fed, i.e. there

is only discharge when the tide level is below the

outflow pipe. At high tide, flow is stopped.

This study was conducted during 2007–2008 over

three sampling periods. Rapidly changing tidal con-

ditions limited boat access to many areas of the

harbour and the sampling sites and times were chosen

based on those areas that were accessible in practice.

Therefore, we have to assume that the tidal creeks

and sites within each creek were representative. Each

sampling period lasted 5–6 days in between spring

and neap tides during the 2-week tidal cycle. Surveys

during the wet and dry season were undertaken to

differentiate land runoff effects from sewage effluent

inputs. Sewage effluent inputs are relatively constant

all year round. RC and MC were sampled in the dry

and wet seasons (October 2007 and March 2008). BC

was sampled at the end of the dry season (early

December 2008). We have assumed that our sam-

pling periods were representative of the seasonal

cycles and we have no reason to believe environ-

mental conditions (e.g. STP discharge, water quality
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Fig. 1 Map of Darwin

Harbour, Australia showing

the three tidal creeks and

sampling sites in:

a Reference Creek,

b Myrmidon Creek and

c Buffalo Creek

362 Biogeochemistry (2012) 108:359–380

123



conditions) would be significantly different at other

times during each season.

Water column physico-chemical conditions

Water sampling was conducted at least twice (typi-

cally on consecutive days) at each site in MC and RC

during the ebb tide. In BC, initial field observations

indicated rapidly changing physico-chemical condi-

tions during the tidal cycle so water sampling was

conducted every 1–2 h during the benthic chamber

deployments and additional sampling conducted on

consecutive days.

Water column parameters (temperature, salinity,

dissolved oxygen) were recorded at each site with a

YSI sonde (6000XLM). Photosynthetically active

radiation (PAR) was measured during the middle of

the day at water depth intervals of 0.5–1 m using a

LI-COR light meter with a 4p quantum underwater

sensor (LI-192) and this data used to calculate the

euphotic depth (Zeu). Surface water samples were

collected in 1 l bottles. Total suspended solids (TSS)

was determined by filtering water samples using pre-

weighed membrane filters (0.45 lm, Millipore), dry-

ing at 60�C and re-weighing. Sub-samples were

filtered (0.45 lm, Bonnet) into 30 ml tubes and

frozen until analysis for nutrients. Samples for

chlorophyll a (chl a) were collected by filtering

water from just below the surface through GF/F filters

(Whatman) using a manual pump. The filters were

placed in cryotubes and stored in liquid nitrogen until

analysis.

During the December 2008 field campaign in MC,

continuous measurements of physico-chemical

parameters were made using a YSI sonde over a

5 h period from high tide to low tide to measure the

treated sewage effluent plume as it emerged from the

mangroves. Surface water samples were collected at

approximately 1 h intervals and were measured for

TSS, total nutrients and chl a.

Pelagic primary productivity and respiration

Water column primary production was measured

using 13C-uptake incubations. Water samples col-

lected just below the surface were stored in buckets

during transport to the field laboratory. 500 ml acid-

washed polycarbonate bottles were filled with water

collected from each site. Triplicate bottles from each

bucket were incubated at 0, 5, 14, 25, 50 and 100% of

surface light using shade bags of appropriate light

attenuation. 13C-sodium bicarbonate was added to

bottles to give a final enrichment of between 3 and

5% of the total bicarbonate concentration.

The bottles were incubated in a large tank with

flowing water at ambient water temperature. Bottles

were incubated on either side of local apparent noon

(when the sun was highest in the sky) for 2–3 h.

Known volumes of water from the bottles were

filtered onto precombusted glass fibre (Whatman GF/

F) filters which were frozen until analysis. Hourly

primary production rates were calculated as the

change in carbon concentration at each light level.

Maximum productivity (Pmax, mmol C m-3 h-1) was

estimated from the 100% light incubation. Daily

depth-integrated net primary production (NPP, mmol

C m-2 day-1) was calculated by integrating primary

production rates through the water column based on

the 13C-bicarbonate incubation and light data, based

on a 10 h daylight period.

Maximum production and respiration were also

measured by means of oxygen production and

consumption, respectively. Surface water was col-

lected and incubated in four (two transparent, two

opaque) gas-tight, 100 ml glass syringes (Hamilton).

The syringes were incubated within the water column

for 3–4 h. Four samples were removed from each

syringe during the incubation for O2 analysis, trans-

ferred into 12 ml gas-tight glass vials with glass

stoppers, preserved with saturated HgCl2 and stored

submerged just below ambient temperature in the

dark until analysis. Pmax and respiration (mmol

O2 m-3 h-1) were estimated as the change in oxygen

concentration during light and dark incubations,

respectively. Daily depth-integrated community res-

piration (CR, mmol C m-2 day-1) was calculated

assuming that respiration rates were constant with

depth and respiration rates converted to carbon units

assuming a respiratory quotient (RQ) of 1 (Laws

1991). Gross primary production (GPP) was calcu-

lated as the sum of NPP and CR during a 10 h

daylight period, and the productivity:respiration

(P:R) ratio calculated as the ratio GPP:CR.

Surface sediments

Sediment cores (6 cm dia.) were collected at each site

using a push corer. Surface sediment (to 1 cm depth)
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from one core was transferred into clean glass jars

and homogenized. Clean aluminium foil was placed

between the lid and contents to minimize organic

contamination. The samples were frozen until anal-

ysis for TOC, TN and stable isotope composition.

Subsamples were taken for chl a analysis and placed

in cryo-vials in a liquid nitrogen dry shipper. Surface

sediment from a second core was transferred to

plastic vials and frozen for total phosphorus (TP)

analysis. Porosity was determined on a subsample by

weight difference between wet and dry sediment

following freeze-drying.

Sediment primary productivity

Sediment cores (4.5 cm dia.) were collected at each

site for measurement of primary productivity in the

sediment. Capped cores were transported with over-

lying water from the study site to the field laboratory.

Primary productivity was measured at 0, 10, 50 and

100% of surface light using shade bags of appropriate

light attenuation. 13C-sodium bicarbonate was added

to bottles to give a final enrichment of between 40

and 50% of the total bicarbonate concentration to the

overlying water.

The cores were incubated in a large tank with

flowing water at ambient water temperature around

local apparent noon for 2–3 h. The temperature was

logged throughout the incubations. Cores were then

kept in the dark until processed. The top 2 cm was

sliced off each core and frozen until analysis.

Benthic flux incubations

Benthic chamber incubations were used to quantify

the flux of dissolved inorganic nutrients (fNH4
?, fNOx,

fPO4
3-, fSiO4) and dissolved gas (fDO, fDIC, fN2).

Four manually operated benthic chambers (two trans-

parent, two opaque), as described by Haese et al.

(2007), were deployed at each site. Self-logging

probes (YSI-600XL) continuously measured temper-

ature, salinity and oxygen concentration inside and

outside of the chambers. The incubation began after

manually closing the chamber lid. Five or six cham-

ber-water samples with a volume of 100 ml were

taken during an incubation period typically lasting

3–5 h. Water samples for nutrient analysis were

filtered immediately (0.45 lm) into 30 ml tubes and

frozen until analysis. Samples for DIC were filtered

(0.45 lm) into gas-tight vials (3 ml, Exetainer),

preserved with saturated HgCl2 and stored in the dark

until analysis. Samples for N2 were transferred into

12 ml gas-tight vials with glass stoppers, preserved

with saturated HgCl2 and stored submerged just below

ambient temperature in the dark until analysis.

Benthic nutrient and gas fluxes were calculated

from concentration changes over time, accounting for

the incubated sediment surface area and water

volume and corrected for the replenishment of

sample volumes by ambient bottom water. During

high tide, the light chambers were beyond the photic

zone, and data collected during these periods were

used in the calculation of dark fluxes. Only the linear

proportion of the concentration versus incubation

time curve was used in the flux calculations. Water

incubated by benthic chambers never reached oxygen

concentrations below 20% saturation, with the excep-

tion of BC1 where ambient water was at or below this

level at the start of the incubation. Denitrification

efficiency (DE) was calculated from the dissolved

inorganic nitrogen fluxes:

DE% ¼ f N2= f N2 þ f NH4 þ f NOxð Þ � 100 ð1Þ
Benthic production (P) and respiration (R) were

calculated as the change in carbon concentration

during light and dark incubations, respectively. GPP

was calculated as the sum of P and R during a 6 h

light period, and the productivity:respiration ratio

calculated as the ratio GPP:R.

Analytical methods

Dissolved inorganic nutrients, NH4
?, NOx, PO4

3-

and SiO4 from the filtered surface water and benthic

chamber samples were analyzed by automated flow

injection analysis (Lachat). Dissolved inorganic car-

bon (DIC) was analyzed on an infrared gas analyzer

(LiCOR 7000). N2 from the benthic chamber samples

and O2 from the surface water syringe incubations

were measured using a membrane inlet mass spec-

trometer (MIMS) (Kana et al. 1994). Filters from the
13C-uptake incubations were dried at 60�C for 24 h

before being analyzed for 13C/12C ratio and % carbon

on a mass spectrometer (GV Isoprime, Manchester,

UK). Sediment cores from benthic 13C-uptake incu-

bations were analyzed in the same way following

treatment with 6 N hydrochloric acid to remove

carbonates.
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Chl a was extracted from sediment and water

column filters prior to analysis by high performance

liquid chromatography following the procedures

outlined in Cook et al. (2004) and Haese et al.

(2007), respectively. Sediment samples for stable

isotope analysis (d13C and d15N) were processed and

analyzed as described in Cook et al. (2004). Results

are presented in standard d notation:

dð&Þ ¼ Rsample

Rstandard

� 1

� �
ð2Þ

where R = 13C/12C or 15N/14N. The standard for

carbon is Vienna Pee Dee Belemnite (VPDB) while

that for nitrogen is air. The reproducibility of the

stable isotope measurements was ±0.2% for carbon

and ±0.5% for nitrogen.

Sediment total P (TP) was determined by X-ray

fluorescence using a Philips PW2404 4kW sequential

spectrometer according to a modified version of

Norrish and Hutton’s (1969) method. The instrument

was calibrated using United States Geological Survey

(USGS) and South African Reference Material inter-

national standards. The reported precision was better

than 5%.

Hydrodynamic calculations

A simple tidal prism model (Seabergh 2006) was

used to estimate the exchange of water in the tidal

creeks with marine water in the main body of the

harbour, as this is the dominant influence on water

quality (McKinnon et al. 2006). The tidal prism is

computed as follows:

p ¼ 2 � aðbÞ � AðbÞ ð3Þ
Where a(b) is the tidal amplitude or � the tidal

range and A(b) is the water area. The exchange

calculation is:

TðdÞ ¼
V

ðe � ð0:78 � pÞÞ � 0:5 ð4Þ

Where T is the residence (or flushing) time in days,

V is the water volume of the tidal creek, 0.78 is a

correction factor for the sinusoidal nature of tidal

cycles, e is exchange efficiency, and 0.5 accounts for

the semi-diurnal tides. The exchange efficiency

(e) was estimated as 1 for RC and MC, 0.5 for BC3

and 0.2 for BC1 based on creek geometry. All other

values used in the calculations are given in Table 1.

This model assumes no significant freshwater inflow

into the tidal creeks, which is valid since the largest

measured cumulative runoff during an exceptional

flood was only 1% of peak tidal discharge at the

mouth of the harbour (Williams et al. 2006).

Statistical analysis

Statistical analysis was carried out using Statistica

Version 6.0 (StatSoft). Differences in Pmax measured

using O2 and 13C measurements were compared using

a t test. A 2-way analysis of variance (ANOVA) was

carried out on log-transformed RC and MC wet and

dry season data with site and season as factors. A

1-way ANOVA was carried out on log-transformed

dry season data only from RC, MC and BC. The

significance level (alpha) was specified as 0.05. A

sequential Bonferroni (Sokal and Rohlf 1995) was

used to correct the alpha for multiple testing. In some

Table 1 Flushing times (T) calculated using model parameters

for the tidal creeks

Model parameter RC1 MC1 BC3 BC1

L (m) 1,500 1,000 500 2,500

W (m)

(at mouth)

300 250 75 75

W (m) (at site) 150 100 40 10

A(b) (m2) 337,500 175,000 28,750 106,250

Mean Water

Depth (m)

4 4 3 3

V (m3) 1,350,000 700,000 86,250 318,750

a(b) (m)

(spring tide)

5.0 5.0 4.0 3.0

a(b) (m)

(neap tide)

2.0 2.0 1.5 1.0

e 1 1 0.5 0.2

p (spring) 3,375,000 1,750,000 230,000 637,500

p (neap) 1,350,000 700,000 86,250 212,500

T (day) (spring) 0.3 0.3 0.5 1.6

T (day) (neap) 0.6 0.6 1.3 4.8

Creek dimensions were estimated from satellite imagery, mean

water depth was estimated from field measurements at the

sampling sites, tidal amplitude (a(b)) was estimated from tide

charts, and e was estimated from creek morphology. BC1 and

BC3 were calculated separately due to the decreased e value

upstream as a result of the meandering nature of the creek.

Note: All parameters are estimates only

RC reference creek; MC Myrmidon Creek; BC Buffalo Creek;

L length, W width, A(b) water area, V water volume, a(b) tidal

amplitude, e exchange efficiency, p tidal prism
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cases, variances in the compared groups were heter-

ogeneous (as indicated by Cochran’s C-test). How-

ever, ANOVAs are robust to violations of the

assumption of homogenous variances, provided that

sample sizes are similar (Zar 1999), as was the case

for most tests undertaken. The significance level was

defined as 0.01 when Cochran’s tests were violated to

further reduce the chance of a type I error (falsely

identifying a significant difference). Where signifi-

cant differences were detected, post-hoc analysis was

carried out using Tukey’s HSD test. The assumption

that the data points from the six sample sites share

equal independence may be violated as there are two

sampling locations within each creek (upstream and

downstream). However, while downstream sites may

be somewhat influenced by upstream sites, they are

also strongly influenced by marine waters in the main

body of the harbour due to the macrotidal regime.

Therefore, for the purposes of this study it was

assumed that all six sites share equal independence.

A multivariate ordination technique was used to

examine the major source of variation in the process

rate data. Principal component analysis (PCA) was

carried out using benthic and pelagic processes as

variables. The variables displayed strong collinearity

due to the extreme values measured in BC, therefore

variables were either excluded in cases where multi-

ple variables were measures of the same biogeo-

chemical processes, or ratios were used. Variables

included in the PCA, and the processes and co-

variables they represent were: Pmax as a measure of

pelagic metabolism (negatively correlated with res-

piration); fDIC as a measure of benthic reminerali-

zation (positively correlated with fNH4, fNOx, fPO4,

fSiO4, negatively correlated with fDO, fN2); DE as a

measure of nitrogen release to the water column

(negatively correlated with fNH4, positively corre-

lated with fN2); benthic primary production (bPP);

fDIC/fPO4 as a measure of phosphorus retention in

the sediments; and fDIC/fO2 as a measure of aerobic

versus anaerobic organic matter degradation.

Results

Water column physico-chemical data

Water quality in RC and MC were similar and

varied seasonally (Table 2). Water temperature was

relatively constant all year (approx. 30�C). The

surface waters were well saturated with oxygen

([77%) but varied with tides, being typically lower

during low tide. During the dry season, MC and RC

had high salinity (up to 37), very low nutrient

concentrations (\0.3 lM DIN and\0.21 lM PO4
3-)

and very low N:P ratios (\1.5). During the wet

season survey, freshwater from the Elizabeth River

flowed into East Arm and was pushed into the tidal

creeks during the flood tide, lowering the salinity

(22–29) and increasing nitrogen concentrations (up to

1.9 lM). N:P ratios increased during the wet season,

particularly in RC (up to 12.5). Concentrations of chl

a in the water column remained relatively low all

year round (\3 lg l-1). The euphotic depth

decreased during the wet season and was also lower

during low tide.

Sewage effluent strongly affected physico-chemi-

cal parameters in the water column. It was observed

that sewage effluent entered the creek at MC1 from

the mangroves following the tidal maximum and

rapidly changed water quality conditions. Surface

water during periods of sewage effluent discharge in

MC had a higher temperature ([32�C) and lower

salinity (*28) than the surrounding creek water

(MC-S; Table 2), resulting in a temporary surface

plume. Mean TSS and nutrient concentrations

increased dramatically, chl a concentrations were

elevated (9.9 lg l-1) and the N:P ratio was higher

than typical creek water (6.4). The sewage effluent

plume caused a decrease in light penetration

(Zeu = 3 m) and oxygen saturation (69%). As the

tide receded, nutrient and TSS concentrations grad-

ually decreased as the plume was dispersed and

diluted. Within several hours the impact of the plume

was undetected with nutrient concentrations and

salinity returning to background levels.

Water quality in BC varied considerably over short

sampling periods (4–5 h) in December 2008 as

indicated by the high standard deviation values for

most parameters (Table 2). Overall, during our sam-

pling periods, salinity was lower and highly variable

(20.6 ± 10.0) due to the influence of tides, terrestrial

freshwater inputs and sewage effluent. Dissolved

oxygen concentrations in BC were also much lower

(43 ± 25%) than in the other two creeks and highly

variable. Measured DO saturation ranged from\10%

to supersaturation, with the lowest values occurring

early in the mornings. The high phytoplankton
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biomass (chl a) and TSS concentrations limits light

penetration, with the euphotic depth much lower

(Zeu = 1.6). The mean nutrient concentrations in BC

were several orders of magnitude higher than in the

other two creeks, including the mean sewage effluent

plume concentrations in MC (MC-S) (with the excep-

tion of SiO4) and nutrient concentrations in BC

decreased downstream (data not shown).

Tidal flushing is restricted in BC by a sand bar

across the mouth, a narrow channel and several large

meander bends (Fig. 1c) and the estimated flushing

time varied from 0.5 to 5 days, depending on location

in the creek and the nature of the tides (Table 1). The

degree of flushing decreased upstream and during

neap tides. In contrast, RC and MC have wide open

mouths and relatively straight channels (Fig. 1a, b),

allowing efficient flushing. Hence, estimated flushing

times were shorter (*0.5 days; Table 1) and both

creeks were well flushed with water from East Arm

during each tidal cycle. This is consistent with the

observed sewage effluent plume in MC1 which was

diluted and dispersed following each low tide.

Sediment characteristics

Sediment TOC, TN and TP concentrations were

higher at the upstream sites reflecting the higher mud

content (as indicated by porosity). Mean TOC

concentrations ranged from 1.8 to 4.6 wt% and were

highest at RC1 and BC1. TN concentrations ranged

from 0.08 to 0.42% and were highest in BC. TP

concentrations were highest in BC (997–1,363

mg kg-1) and MC1 (762–825 mg kg-1) compared

to the other sites (\646 mg kg-1). The molar C:P

ratios in BC and MC were lower than typical

terrestrial and marine C:P ratios (C:P \ 106) sug-

gesting an additional phosphorus source, most likely

from sewage. The mean d13C values ranged between

-25.7 and -23.3% and the mean d15N values ranged

from 2.3 to 12.6% with the most enriched values in

BC and at MC1 (Table 3). Benthic chl a concentra-

tions ranged from 17 to 60 mg m-2 in RC and MC

and were higher in BC, ranging from 161 to

532 mg m-2 (Table 3).

Pelagic primary production and respiration

Pmax rates measured as both O2 and 13C gave

comparable results (data not shown) with no signif-

icant differences between the two methods

(p = 0.977, t test). The 13C results are reported

herein since this method was used to calculate depth-

integrated production. Pmax rates in BC were signif-

icantly higher (1-way ANOVA, p \ 0.02532, Fig. 2)

Table 2 Mean (±SD) physico-chemical parameters in the water column in three tidal creeks in Darwin Harbour during the sampling

periods

Variable Reference Creek Myrmidon Creek Buffalo Creek

Oct-07 Mar-08 Oct-07 Mar-08 MC-Sb Dec-08

Water temperature 31.4 (0.5) 29.4 (0.6) 30.3 (0.8) 29.9 (0.7) 32.1 (1.1) 30.7 (2.0)

Salinity 37.0 (0.3) 22.5 (3.5) 36.5 (0.4) 29.3 (1.3) 28.2 (7.7) 20.6 (10.0)

Suspended solids 17.1 (3.5) 12.3 (4.6) 15.8 (5.6) 28.3 (5.5) 116.2 (40.1) 97.7 (131.3)

DO saturation (%) 85.8 (10.3) 77.6 (9.4) 84.7 (9.4) 86.2 (8.2) 69.1 (14.8) 43.3 (25.2)

DO concentration (mg l-1) 5.1 (0.6) 5.2 (0.6) 5.2 (0.5) 5.5 (0.5) 4.3 (0.8) 2.9 (1.8)

Euphotic depth (m) 5.2 (2.1) 3.7 (1.3) 5.9 (1.9) 3.8 (0.3) 3.0 (0.6) 1.6 (0.8)

Chl a (lg l-1) 1.8 (0.4) 2.3 (0.2) 2.8 (1.3) 1.7 (0.04) 9.9 (3.8) 90.0 (37.6)

NH4 (lM) 0.15 (0.09) 1.11 (0.36) 0.15 (0.17) 0.33 (0.11) 12.4 (10.4) 35.5 (24.2)

NOx (lM) 0.13 (0.13) 0.77 (0.40) 0.07 (0.06) 0.27 (0.21) 6.5 (6.7) 14.1 (10.2)

PO4 (lM) 0.21 (0.07) 0.15 (0.02) 0.14 (0.13) 0.13 (0.03) 5.8 (8.3) 7.2 (4.9)

SiO4 (lM) 10.6 (4.4) 26.4 (2.3) 4.4 (3.8) 5.7 (0.8) 49.6 (34.2) 38.4 (21.4)

Molar N:P ratioa 1.3 (0.4) 12.5 (3.7) 1.4 (0.7) 4.5 (2.2) 6.4 (4.6) 8.4 (4.9)

Oct-07 dry season; Mar-08 wet season; Dec-08 dry season
a DIN:phosphate ratio (NH4 ? NOx:PO4)
b MC-S values are the mean of all samples collected from the sewage effluent plume in MC across all three field surveys
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than in the other two creeks with values ranging from

23.5 to 42.7 mmol C m-3 h-1 and these two sites

were significantly different from each other. Mean

Pmax rates in MC and RC were similar, ranging from

1.17 to 2.93 mmol C m-3 h-1 and there were no

significant differences between sites or season, how-

ever there were significant interactions between site

and season (2-way ANOVA, p \ 0.05, Table 4).

Mean respiration rates in BC ranged from 4.5 to

10.8 mmol O2 m-3 h-1 and were significantly higher

at BC1 (1-way ANOVA, p \ 0.02532, Fig. 2) com-

pared to other sites. In RC and MC, respiration rates

were similar and low, ranging from 0.73 to

1.82 mmol O2 m-3 h-1 with no significant differ-

ences in season or site (Table 4). The sewage effluent

plume in MC was sampled on one occasion during

the October 2007 survey (MC-S) and Pmax (measured

using the O2 syringe method) and respiration rates

(19.1 and 8.6 mmol O2 m-3 h-1, respectively) were

significantly higher than other sites in RC and MC

but comparable to BC1 and BC3.

Mean depth-integrated primary production (NPP)

ranged from 10.1 to 248.5 mmol C m-2 day-1 and

there were significant differences between the six

sites (1-way ANOVA, p \ 0.01, Fig. 3). Net primary

production rates were similar at RC1, RC2 and MC3,

ranging between 10.1 and 16.5 mmol C m-2 day-1.

Net primary production at MC1 was significantly

higher (40.8 mmol C m-2 day-1) than at other sites

in MC and RC, and in BC, NPP was significantly

higher than all sites in MC and RC, ranging from

130.9 to 248.5 mmol C m-2 day-1.

Mean community respiration ranged from 50.4 to

519 mmol C m-2 day-1 (Fig. 3). Mean community

respiration rates were significantly higher at BC1, and

MC1 and BC3 were also significantly higher than

other sites in MC and RC (1-way ANOVA,

p \ 0.02532). Respiration exceeded production at

all sites and the GPP:CR ratio was B1 at all sites with

the lowest values (0.5–0.7) at sites in MC and RC,

and higher values in BC (0.9–1.0).

Benthic respiration and production

Mean dark DIC fluxes ranged from 58.8 to

390.8 mmol C m-2 day-1 and were significantly

higher in BC (1-way ANOVA, p \ 0.01, Fig. 2).

Mean dark DO fluxes varied from -40.0 to

-90.5 mmol m-2 day-1 and there were no signifi-

cant differences between the six sites. There were no

significant differences in DO or DIC fluxes between

sites or seasons in MC and RC (Table 4).

There was diurnal variation in DIC and DO fluxes,

with reduced DIC efflux and DO influx measured in

all light chambers. However, the semi-diurnal, mac-

rotidal regime generates constant variations in light

conditions at the sediment surface. Light conditions

varied both within and between sites and were not

reproducible between sites or sampling periods.

Therefore, it was not possible to calculate light fluxes

on a mmol m-2 day-1 basis. The reduced DIC and

increased O2 fluxes measured in the light chambers

suggest the presence of microbenthic algae (MBA) at

all sites. This was confirmed by measurable benthic

Table 3 Surface sediment characteristics at the upstream and downstream sites in three tidal creeks in Darwin Harbour

Site Chl a
(mg m-2)

Porosity %TOC %TN d13C

(%)

d15N

(%)

TP

(mg kg-1)

C:N

(mol:mol)

N:P

(mol:mol)

C:P

(mol:mol)

RC1 dry 37 81.9 4.6 0.22 -24.9 3.7 583 24.1 8.4 203

RC1 wet 34 83.2 3.5 0.29 -25.7 4.2 628 13.8 10.3 142

RC2 dry 17 74.4 2.6 0.15 -25.0 4.1 478 20.5 7.0 143

RC2 wet 41 76.5 3.9 0.17 -25.1 4.1 559 26.6 6.8 181

MC3 dry 31 72.0 1.8 0.13 -23.5 2.7 646 16.3 4.5 73

MC3 wet 42 75.5 1.8 0.08 -24.7 2.3 635 27.5 2.7 73

MC1 dry 60 78.8 3.0 0.22 -25.0 6.6 825 15.7 5.9 93

MC1 wet 50 80.7 2.4 0.22 -25.6 6.9 762 12.7 6.4 82

BC3 161 78.7 2.8 0.28 -23.3 8.8 997 11.6 6.3 73

BC1 532 83.3 4.5 0.42 -25.3 12.6 1,363 12.8 6.7 86
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Fig. 2 Mean dry season benthic fluxes (mmol m-2 day-1),

DE (%), water column primary production (Pmax) and

respiration (mmol m-3 h-1) in RC, MC and BC. Error bars
SE of replicate samples. n.d. no data. 1-way ANOVA results

are shown (p values) with significant differences highlighted in

bold (adjusted a = 0.02532, unless otherwise stated). Sites

which are significantly different (as identified in post hoc

comparisons) indicated as sd
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primary productivity rates, indicating uptake of DIC

by MBA, with the exception of RC1 where primary

productivity rates were below detection limits. How-

ever, sediment chl a concentrations at this site were

similar to other sites in RC and MC (Table 3).

Sediment primary production rates were all low and

similar in all three tidal creeks (\8 mmol C

m-2 day-1, Fig. 3), despite higher benthic algal

biomass in BC. The P:R ratio of the sediments was

very low at all sites (\0.25).

Dissolved nutrient fluxes

Benthic nutrient fluxes were very high in BC

compared to the other two creeks where similar fluxes

were measured (Fig. 2). At all sites, the sediments

Table 4 Results of 2-way ANOVA tests (p values) comparing pelagic and benthic processes in MC and RC during the dry and wet

seasons

Process a Season Site Interaction Post-hoc results

Pmax 0.05 0.5240 0.2227 0.0002 Significantly higher at MC1 dry and MC3 wet

Respiration 0.05 0.4736 0.6497 0.2032

fDIC 0.05 0.1420 0.9125 0.3960

fDO 0.05 0.2561 0.8792 0.2039

fNH4 0.05 0.1160 0.6235 0.4376

fNOx 0.01 0.0347 0.0006 0.7339 Significantly higher at MC1

fPO4 0.05 0.3099 0.4730 0.0078

fSiO4 0.05 0.0087 0.6497 0.3051 Significantly higher in the dry season

fN2 0.05 0.7671 0.8993 0.7911

Benthic PP 0.01 0.6238 0.0222 0.0186

Chl a 0.01 0.1487 0.0378 0.0330

Significant differences are highlighted in bold

Fig. 3 Mean benthic and

pelagic respiration and

primary productivity. Error
bars SE of replicate

samples. 1-way ANOVA

results are shown (p values)

with significant differences

highlighted in bold
(adjusted a also shown).

Sites which are significantly

different (as identified in

post hoc comparisons)

indicated as sd
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were a source of inorganic nutrients for the overlying

water with a net efflux of DIN, PO4 and SiO4. There

were no significant differences in nutrient fluxes

between seasons in RC and MC, except for SiO4

fluxes which were significantly higher in the dry

season (2-way ANOVA, p \ 0.05, Table 4).

In RC and MC, mean dark NH4
? fluxes ranged

from 0.32 to 1.12 mmol N m-2 day-1, accounting for

[65% of the DIN flux. There were no significant

differences between seasons or sites (Table 4). In BC,

mean dark NH4
? fluxes were significantly higher (1-

way ANOVA, p \ 0.02532, Fig. 2), ranging from

21.9 to 45.0 mmol N m-2 day-1, accounting for

[94% of the DIN flux in this creek. NOx fluxes were

highly variable with the standard deviation at each

site typically exceeding the mean fluxes. NOx fluxes

were significantly higher at MC1 compared to other

sites in MC and RC (2-way ANOVA, p \ 0.01,

Table 4). However, when comparing all six sites,

there was no significant difference in NOx fluxes

(Fig. 2). Mean PO4
3- fluxes in RC and MC ranged

from 0.06 to 0.21 mmol P m-2 day-1 and there were

no significant differences in sites or seasons. A

significant interaction was found between season and

site (2-way ANOVA, p \ 0.05, Table 4), however

the post hoc comparison (Tukey’s HSD test) failed to

identify where these interactions occurred. PO4
3-

fluxes were significantly higher in BC compared to

sites in RC and MC (1-way ANOVA, p \ 0.02532,

Fig. 2), ranging from 1.50 to 15.2 mmol

P m-2 day-1, and these two sites were also signif-

icantly different from each other. Mean SiO4 fluxes

ranged from 3.26 to 45.4 mmol Si m-2 day-1 and the

flux at BC1 was significantly higher than at the other

sites (1-way ANOVA, p \ 0.02532, Fig. 2).

Denitrification (net N2 fluxes)

Measured N2 fluxes in RC and MC were consistently

high ranging from 5.50 to 6.83 mmol N m-2 day-1

(Fig. 2). Variability was sometimes high among

replicate chambers, but in all cases N2 fluxes were

greater than the DIN fluxes. No data was collected

from RC1.

There were difficulties calculating N2 fluxes in BC

due to missing data and highly variable rates in

replicate chambers, with both positive and negative

fluxes calculated. However, overall mean N2 fluxes in

BC were lower than the N2 fluxes in the other two

tidal creeks and fluxes at BC1 were significantly

lower (p \ 0.02532, Fig. 2).

Denitrification removed a major portion of the N

cycled through the sediments in RC and MC. The

mean DE ranged from 83 to 97% at sites in RC and

MC. In contrast, the majority of N flux to the water

column in BC was in the form of NH4
? and

denitrification only removed a small proportion

(DE \ 10%) of the N cycled through the sediments.

Principal component analysis

The first two PCA axes cumulatively explained

94.4% of the total variation in biogeochemical data

and the discussion will be limited to these main axes.

PCA axis 1, which alone accounted for 81.4% of the

variation, was highly correlated with variables related

to benthic remineralization (fDIC) and pelagic

metabolism (Pmax). DE, the degree of anaerobic

respiration (fDIC/fO2) and phosphorus retention

(fDIC/fPO4) were strongly negative on this axis

(Fig. 4a). PCA axis 2, which accounted for only

13.0% of the variation, was determined by benthic

primary production (bPP) and phosphorus retention

(fDIC/fPO4) to a lesser degree.

Sites in BC had high positive scores on axis 1 and

there was a downstream gradient with higher scores

at BC1 than BC3 (Fig. 4b). All sites in MC and RC

had similar scores on axis 1 and were all slightly

negative, except for MC1 in the dry season which

was close to zero on this axis. Sites in MC and RC

were spread across axis 2 with no obvious trends

between sites or seasons. The three sites with strongly

negative scores on this axis all had the highest

benthic primary productivity values. Sites with neg-

ative axis 1 scores and positive axis 2 scores typically

had very low benthic primary productivity rates and

high fDIC/fPO4 ratios indicating strong phosphorus

retention in the sediments.

The position of the sites in the ordination space

indicates the main similarities and differences in

biogeochemical variables between sites. Sites in BC

were most different from sites in the other two creeks,

and were also different from each other. This is

consistent with the significant differences observed in

benthic and pelagic processes between sites in BC

and the other two creeks (Figs. 2, 3). Although there

were differences between sites in MC and RC along

axis 2, this axis only explains a small proportion
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(13.0%) of the variance and is therefore less impor-

tant that the differences observed along axis 1.

Discussion

Effect of nutrient loads on biogeochemical

processes

Our results, which integrate multiple biogeochemical

processes in three tropical tidal creeks, indicate a

substantial impact of sewage effluent on rates of

benthic and water column nutrient cycling in the

hypereutrophic creek (BC), but effects on pelagic

processes only in the oligotrophic–mesotrophic creek

(MC) relative to the reference site (RC). There was a

downstream gradient in the creeks receiving sewage

effluent, with the greatest effects measured at

BC1and MC1, closest to the sewage discharge points.

The most affected processes in BC were benthic

nutrient fluxes (fDIN, fDIP), denitrification (fN2) and

primary production (Pmax) which were 1–2 orders of

magnitude higher or lower than in RC (Fig. 5c, d).

The combination of increased DIN flux and decreased

N2 flux subsequently affected the DE which was up to

three orders of magnitude lower in BC relative to RC

(Fig. 5d). Denitrification provides a sink in the

nitrogen budget and thereby plays an important role

in controlling the degree of eutrophication in waters

subjected to substantial anthropogenic input of nutri-

ents (Seitzinger 1988; Rysgaard et al. 1995). The low

DE in BC is consistent with studies in other estuarine

systems which have demonstrated that as nutrient

loads increase, denitrification removes a smaller

proportion of the load (Sloth et al. 1995; Burford

and Longmore 2001; Caffrey et al. 2007). The effect

of nutrient loading on DE has important implications

for the nutrient status of the system and has flow-on

effects that alter the structure of higher trophic levels

such as fish and invertebrate communities (Kemp

et al. 2005).

Dissolved inorganic nutrient concentrations (DIN

and PO4) and phytoplankton biomass (chl a) were

one to two orders of magnitude greater in BC than in

RC (Fig. 5a). Depth-integrated primary production

and respiration, sediment algal biomass and benthic

respiration were also higher in BC but to a lesser

degree (Fig. 5). The presence of a high phytoplankton

biomass in BC limited light penetration, with the

euphotic depth several times lower than in the other

two creeks. Additionally, the high phytoplankton

biomass, combined with high pelagic respiration

rates, resulted in substantial diel fluctuations in O2

concentrations. High benthic respiration rates in BC

also emphasize the potential importance of this

pathway to contribute to O2 depletion (Boynton and

Kemp 1985). The low DO saturation in the early

mornings indicates high rates of night-time respira-

tion and suggests BC experiences regular hypoxia.

Overall, DO saturation in BC was approximately half

Fig. 4 Vector diagram (a) indicating the loadings on PCA1

and PC2 and biplot of sites (b). Closed symbols dry season;

open symbols wet season
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that found in RC (Fig. 5a). BC has experienced

periodic fish kills along the entire length of the creek

and it is likely a lack of oxygen is responsible.

In contrast, there was a relatively minor effect of

increased, but smaller nutrient loads in MC relative to

RC and importantly, the impacts were observed only

in the water column at MC1, which is adjacent to the

sewage discharge point. All variables at site MC3

were similar to sites in RC. Dissolved inorganic

nutrient concentrations were most affected at MC1

and were approximately one order of magnitude

greater than RC (Fig. 5a). Pelagic primary produc-

tion, respiration and phytoplankton biomass were

also affected to a lesser degree (Fig. 5a, b). There

were minor differences in sediment quality and

benthic processes at MC1 with sediment chl a and

TP concentrations, d15N and DIP fluxes slightly

higher compared to other sites in MC and RC. As

such, small scale nutrient inputs appear to have a

greater impact on pelagic rather than benthic pro-

cesses and parameters, but at larger scale nutrient

inputs, benthic processes are most affected (Fig. 5).

This pattern is most likely due to differences in both

the magnitude of effluent inputs and the hydrody-

namics in the two creeks (see below).

Biogeochemical process rates measured in BC far

exceeded any previously reported values for Darwin

Harbour and other tropical estuaries (Table 5). Based

on our study, BC is considered to be hypereutrophic

(Nixon 1995). Pelagic metabolism and benthic nutri-

ent fluxes in BC were similar to that found in other

tropical hypereutrophic systems such as shrimp ponds

(e.g. Alongi et al. 1999a; Burford and Longmore

2001). The high benthic nutrient fluxes and low DE in

BC indicate the sediments were a major source of

dissolved inorganic nutrients to the water column

and, combined with the sewage effluent, contribute to

increased algal biomass and poor water quality. The

Fig. 5 Plot showing the relative impact on a water quality

parameters, b pelagic processes, c sediment parameters and

d benthic processes at each site compared to RC. Values for

each site were calculated by dividing the mean rates and

concentrations of each variable by the mean rates and

concentrations measured in RC. Data from the dry and wet

season were averaged for these calculations. Note the different

y-axis scale in (d)
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similarity between benthic primary productivity in all

creeks, despite the higher benthic algal biomass in

BC, suggests high TSS and phytoplankton biomass

decreased light availability at the sediment surface.

Additionally, in BC the dense algal mat, as demon-

strated by the high chl a concentrations, is likely to

cause self-shading.

In MC, the impact of increased nutrient loads was

restricted to the water column adjacent to the sewage

discharge point, consistent with a locally mesotrophic

system (Nixon 1995). The treated sewage effluent

had a high proportion of ammonium, nitrate and

phosphate relative to the typical creek water but

lower relative concentrations of phytoplankton which

is consistent with other studies (e.g. Jones et al.

2001). Therefore, while there may not be direct input

of phytoplankton biomass with the sewage effluent,

the additional nutrients stimulated in situ primary

production in the creek water. The elevated TP

concentrations and d15N signature of sediments at

MC1 suggest sewage-derived material is deposited at

this site, however, there was no increase in benthic

metabolism and nutrient fluxes at this site, indicating

the sewage-derived nutrients and associated primary

Table 5 Comparison of pelagic (NPP and community respiration, mmol C m-2 day-1) and benthic (respiration, ammonia and

phosphate fluxes, mmol m-2 day-1 as C, N, and P, respectively) processes in tropical estuaries and coastal systems

Estuary/coastal

system

Sampling

location

Pelagic

primary

production

Pelagic

respiration

Benthic

Respiration

Benthic

N flux

Benthic

P flux

Reference

Buffalo Creek Tidal creek 131–249 217–671 271–391 22–45 1.5–15 This study

Myrmidon &

Reference Creeks

Tidal creeks 8–16 50–94 65–92 0.32–1.12 0.06–0.23 This study

Darwin Harbour,

Australia

Estuary 82–180 65–74* 3.5–8.2 0.05–0.1 Burford et al. (2008)

Darwin Harbour,

Australia

Shallow margins 31–53 43–88 77 0 -0.005 Burford et al. (2008)

Port Douglas, Australia Tidal creeks 39–277 0.9–2.1 -0.02 to

-0.06

Trott et al. (2004)

Fly River Delta, PNG Coastal waters 11–58 0.5–3 Robertson et al.

(1993)

Mandovi & Zuari

estuary, India

Estuary 23–155 42–468 Ram et al. (2003)

Gautami-Godavari

estuary, India

Estuary -108 to

124

16–1,503 Sarma et al. (2009)

Hinchinbrook Channel,

Australia

Tidal creeks 5–30 50–75 McKinnon et al.

(2010)

Terminos Lagoon,

Gulf of Mexico

Tidal channel 2.5–542 Rivera-Monroy

et al. (1998)

Gulf of Papua, PNG Coastal waters 13–52 59–135 McKinnon et al.

(2007)

Mandovi Estuary,

India

Estuary 35–99* 0.8–5.2 0.13–0.25 Pratihary et al.

(2009)

Northern Queensland,

Australia

Tidal creek,

shrimp pond

11.3–45.8 0–0.58 Burford and

Longmore (2001)

Phuket Island,

Thailand

Mangrove forest 32–62 -2.2 to

1.74

Kristensen et al.

(2000)

Peninsular Malaysia Mangrove forest 11–79 -0.25 to

-0.44

Alongi et al. (2004)

Hinchinbrook Channel,

Australia

Mangrove forest 14–22 Alongi et al.

(1999b)

Gulf of Thailand Mangrove forest 5–73 Alongi et al. (2001)

The values with asterisk were measured as mmol O2 m-2 day-1 whereas all other values were measured as mmol C m-2 day-1
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production were not being recycled through the

sediments in MC.

Depth-integrated pelagic primary production rates

in RC and MC were lower than values reported for

the shallow margins of Darwin Harbour (Burford

et al. 2008) as well as tropical coastal waters in

Australia and around the world (Table 5). These tidal

creeks are considered to be oligotrophic and are net

heterotrophic (P:R ratios in the water column were

B1). This is in contrast to the main body of the

harbour which is autotrophic (Burford et al. 2008).

The higher turbidity in the tidal creeks results in a

shallower euphotic zone and therefore pelagic

primary production is likely to be light limited

relative to the main body of the harbour (McKinnon

et al. 2006). The rates of benthic remineralization in

RC and MC were similar to rates reported for other

tropical mangrove environments including Darwin

Harbour (Table 5). Denitrification rates in these

creeks were high but comparable to the range of

estimates for other estuarine and coastal marine

sediments (Seitzinger 1988).

In comparison to the sewage-derived nutrient

inputs, the seasonal input of nutrients associated with

freshwater runoff during the wet season has no effect

on biogeochemical processes in the tidal creeks. This

is in accordance with the limited seasonal change in

key parameters such as temperature and organic

matter supply from mangroves. The seasonal varia-

tions in water column nutrient concentrations in MC

and RC were minor compared to variations observed

at sites affected by sewage effluent.

Controls on biogeochemical processes

Pelagic primary production was strongly associated

with benthic remineralization in the PCA, suggesting

benthic-pelagic coupling. The higher pelagic primary

production, a P:R ratio close to 1 and low C:N and

C:P ratios in BC all reflect a significant algal

contribution and suggest phytoplankton detritus was

an important source of organic matter to the

sediments in this creek. Therefore, the increased

benthic remineralization in BC was a response to the

stimulated primary production in the water column.

Additionally, primary production in the water column

was stimulated by benthic nutrient fluxes. Benthic

nutrient regeneration in BC was far greater than

phytoplankton demand for net growth, which was

limited by light availability below the surface. This

results in the accumulation of DIN and PO4
3- in the

water column. Overall, there was strong coupling

between benthic and pelagic processes in BC.

In RC and MC, depth-integrated primary produc-

tion rates were much lower than the benthic remin-

eralization rates, indicating phytoplankton production

contributes only a small proportion of the overall

organic matter pool in the sediment surface. Sediment

organic matter was driving benthic metabolism rather

than phytoplankton detritus in these two tidal creeks.

In addition, benthic regenerated nutrients were not

sufficient to supply all the nutrients required for

phytoplankton growth in these creeks. The remaining

nutrient requirements by phytoplankton are likely

supplied by oceanic or terrestrial inputs (Burford

et al. 2008; Ferrón et al. 2009). The high denitrifi-

cation rates in RC and MC indicate this is the main

process controlling nitrogen release to the water

column in the tidal creeks and support the suggestion

that nitrogen is limiting phytoplankton growth in

Darwin Harbour (Burford et al. 2008). NO3
- levels in

the water column were low and only infrequently was

there NO3
- influx, indicating denitrification was

controlled by coupled nitrification–denitrification, as

is commonly found in coastal marine systems (Sei-

tzinger 1988).

Denitrification efficiency and phosphorus retention

were strongly associated with the degree of anaerobic

degradation in the PCA, suggesting sediment oxygen

consumption was important in controlling nitrogen

and phosphorus release. In the tidal creeks, the

community respiratory quotient (CRQ = DIC/O2)

was -2 in the oligotrophic creeks and -4 in the

hypereutrophic creek, indicating a shift to dominance

of anaerobic mineralization processes with the

increased nutrient loading in BC. This shift from

aerobic to anaerobic metabolism occurs during hyp-

oxic events, caused by excess nutrient inputs, and

involves profound changes in the biogeochemical

cycles of phosphorus and nitrogen (Conley et al.

2009; Soetaert and Middelburg 2009).

One of the most prominent effects of hypoxia is

the increased P flux from sediments (Conley et al.

2009). Phosphate fluxes are controlled by release

from degradation of organic matter and by the

buffering mechanism involving iron oxides at the

sediment surface (Froelich 1988). The low oxygen

conditions and dominance of anaerobic metabolism
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pathways in BC contributed to the large benthic

PO4
3- flux. The ratio of DIC to PO4

3- fluxes was low

in BC indicating little or no phosphorus retention in

the sediment. Under small or no increased nutrient

loads in MC and RC, the ratio of DIC to PO4
3- fluxes

was high, indicating strong phosphate retention by

the sediments. The low efflux of remineralized

phosphate is likely controlled in the surface oxidized

layer by sorption with iron oxyhydroxides (Patrick

and Khalid 1974).

Hypoxia also affects nitrogen release to the water

column which is strongly controlled by denitrifica-

tion. Denitrification appears to be inhibited in BC and

there are several possible mechanisms. It is likely the

low oxygen conditions cause a breakdown in the

nitrification–denitrification coupling by inhibiting

nitrification. Nowicki (1994) found that highly

reduced conditions in enriched sediments near sew-

age outfalls restricted O2 penetration and limited

nitrification. Additionally, sulfate reduction, the pre-

dominant pathway of anaerobic metabolism, pro-

duces sulfide which inhibits nitrification (Seitzinger

1988). Therefore, in BC where anaerobic metabolism

dominates, denitrification rates could be indirectly

affected by sulfide if nitrification is suppressed. This

is supported by the large proportion of N present as

NH4
?.

Processes affected by hypoxia, such as denitrifi-

cation and phosphorus retention, display threshold-

like behavior (Webster and Harris 2004; Conley et al.

2009; Eyre and Ferguson 2009). Regime shifts,

involving an abrupt change in ecosystem processes,

can occur once specific thresholds of nutrient inputs

are exceeded and this can cause changes in biological

variables that propagate through several trophic

levels (Conley et al. 2009). The breakdown of

coupled nitrification–denitrification and subsequent

low DE, as well as the large flux of PO4
3- from the

sediments to the water column, suggests that thresh-

olds have been exceeded in BC. This is consistent

with the theory that an ecosystem has reached a

threshold when the system switches to one dominated

by anaerobic processes (Conley et al. 2009) as was

found in BC. The nutrient loads entering MC are

sufficiently small to have not impacted these key

biogeochemical processes, with PO4
3- fluxes and

denitrification efficiencies similar to those observed

in the comparatively pristine tidal creek. While there

is some evidence of sewage-derived material being

deposited at MC1, the assimilation capacity of the

sediments has not yet been exceeded.

The processes occurring in BC follow the gener-

ally accepted conceptual models of eutrophication

(e.g. Nixon 1995; Cloern 2001) whereby an increase

in the input of nutrients (in this case from sewage

effluent) has stimulated primary production in the

water column, leading to enhanced sedimentation of

algal-derived organic matter, stimulation of microbial

decomposition and oxygen consumption and deple-

tion of water column oxygen. There has been a shift

in dominance from aerobic to anaerobic metabolism

and as a result, coupled nitrification–denitrification is

inhibited and oxide-bound phosphorus released. Thus

more nutrients are recycled back into the water

column, further stimulating primary production

(Kemp et al. 1990; Eyre and Ferguson 2002).

Nutrient-generated increases in algal biomass fuel

respiration and lead to light limitation of the phyto-

plankton and benthos, further generating hypoxic

conditions. Ultimately, there is a positive feedback

accelerating eutrophication through internal loading

of nutrients (McGlathery et al. 2004).

Influence of physical processes

The effluent loads are similar between BC and MC

but the response of many biogeochemical processes

was far greater in BC (Fig. 5). This suggests that

nutrient load alone was not responsible for the

observed effects on biogeochemical processes in

BC, and there must be consideration of additional

processes or factors. The susceptibility of estuaries to

eutrophication varies and it is now well recognized

that physical attributes, including tidal mixing and

associated residence times and optical properties, act

as a filter to modulate the response to nutrient loading

(Cloern 2001).

The estimated residence times in the three tidal

creeks vary both spatially and temporally and are

controlled by the tidal regime and geomorphology

(Wolanski et al. 1992, 2000). The lower reaches of

the tidal creeks are flushed efficiently by tidal action

while significant trapping can occur in the upper

reaches of BC, particularly during neap tides when

tidal flushing is limited. This is typical of tropical

mangrove-lined tidal creeks, for example, Wolanski

et al. (2000) reported that water may reside in the

upper reaches of tidal creeks for between 5 and
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15 days, and flushing is rapid near the mouth. Longer

residence times reduce export of nutrients (Nixon

et al. 1996) and favour local degradation of phyto-

plankton detritus (Koné and Borges 2008), leading to

low dissolved oxygen concentrations and nutrient

enrichment (Boto and Bunt 1981; Trott and Alongi

1999) and enable benthic processes to have a greater

impact on the system. Therefore, the impact on

biogeochemical processes from excess nutrients is

most severe in systems where tidal flushing is limited

(Jickells 1998; Herbert 1999), as is the case in BC,

and physical processes play a key role in reducing the

risk of algal blooms, hypoxic events and subsequent

changes in dominant biogeochemical processes in the

tidal creeks.

Other physical processes may also influence

biogeochemical processes, particularly sediment

resuspension (Ståhlberg et al. 2006). Potential effects

of resuspension include increased benthic minerali-

zation, a decline in pelagic O2 concentration, release

of porewater nutrients to the water column, desorp-

tion of compounds from suspended sediment parti-

cles, decreased light availability and physical

disturbance leading to a decrease of benthic primary

production (Hopkinson 1985; Sloth et al. 1996;

Wainright and Hopkinson 1997; Ståhlberg et al.

2006; Almroth et al. 2009). In the shallow tidal

creeks of Darwin Harbour, more or less continuous

resuspension caused by the semi-diurnal tides can be

found, resulting in a system which is in a constant

state of flux. It is therefore likely that the biogeo-

chemical process rates reflect the mean environmen-

tal conditions in a continuously changing system.

Implications for tropical estuaries

Ecosystem alteration due to anthropogenic nutrient

loading of coastal zones is occurring at a rapid rate in

the tropics (Downing et al. 1999). The impact on the

ecological functioning of coastal ecosystems varies in

intensity and spatial distribution, both locally and

globally. This study found that the effect of increased

nutrient loads on biogeochemical processes can vary

over small spatial scales (i.e. individual tidal creeks),

and this is confounded by physical processes, prin-

cipally residence time. These findings are relevant

over larger spatial scales. For example, the impor-

tance of denitrification can be assessed on an estuary-

wide scale. A whole-of-harbour nitrogen budget for

Darwin Harbour found a net import of N to the

harbour from the ocean of approximately 15,000 t

N year-1 (Burford et al. 2008), however, denitrifica-

tion was not included in this budget but it was

suggested it may be an important process. Although

the dataset from this study is limited, our calculations

confirm that there could be an approximate equiva-

lent export of N from Darwin Harbour as a result of

denitrification. Therefore, denitrification represents

an important process controlling the amount of N in

the harbour as a whole. This is consistent with what

has been found throughout the tropics, where micro-

bial denitrification removes biologically available

forms of nitrogen from the water column producing

substantial deficits relative to other nutrients (Beman

et al. 2005). A decrease in DE, as has been observed

in BC, can increase the availability of N in the water

column and stimulate primary production which has

important implications on the health and functioning

of the whole ecosystem. Further research is needed to

determine the actual contribution of denitrification to

the nitrogen budget for Darwin Harbour.

Overall, the impacts of increased nutrient loads

from sewage effluent are relatively localized and

Darwin Harbour, as with most estuaries in tropical

northern Australia, is considered to be relatively

pristine. Forecasted increases in population and

urbanization of Darwin will increase the nitrogen

and phosphorus loads entering the harbour as catch-

ment runoff and STP discharge increase. This will

pose mounting pressure on estuarine health on a

larger scale. This study has provided measurements

of key biogeochemical processes in Darwin Harbour

to inform predictive models used by estuarine

managers. Additionally, the study of biogeochemical

processes in disturbed and relatively pristine tidal

creek systems provides important information which

will enable comparison with other, more adversely

affected tropical estuaries, such as those in southeast

Asia.

Conclusions

This study has provided a comparison of rates of

multiple biogeochemical processes across three

scales of sewage nutrient loading in tropical tidal

creeks to identify which processes are most sensitive

to increased loading, thereby providing a broad
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perspective of the links between nutrient loads and

biogeochemical processes. We have shown that both

benthic and pelagic biogeochemical processes are

significantly affected by increased nutrient loads,

particularly under the combined influence of poor

tidal flushing. Denitrification, benthic nutrient fluxes

and pelagic primary production were identified as the

biogeochemical processes most affected by nutrient

loading in these tidal creek systems. High levels of

oxygen consumption, caused by stimulated primary

production and respiration, lead to intermittent

hypoxia. This causes an alteration in the key

processes controlling nutrient release, resulting in

hypereutrophic conditions. The integrated approach

used in this study provides relevant information for

other tropical estuaries subject to anthropogenic

nutrient loading around the world.
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